The ecological impact of biofuels is mediated through their effects on land, air, and water. In 2008, about 33.3 million ha were used to produce foodbased biofuels and their coproducts. Biofuel production from food crops is expected to increase 170% by 2020. Economic model estimates for landuse change (LUC) associated with food-based biofuels are 67-365 ha 10 −6 l −1 , leading to increased greenhouse gas emissions for decades compared to business as usual. Biodiversity is reduced by about 60% in U.S. corn and soybean fields and by about 85% in Southeast Asian oil palm plantations compared to unconverted habitat. Consequently, the largest ecological impact of biofuel production may well come from market-mediated LUC. Mitigating this impact requires targeting biofuel production to degraded and abandoned cropland and rangeland; increasing crop yields and livestock production efficiency; use of wastes, residues, and wildlife-friendly crops; and compensatory offsite mitigation for residual direct and indirect impacts.
INTRODUCTION
Agricultural production, whether for food, fiber, or fuel, affects ecosystems and the species within them, including humans. Many impacts of biofuels result from associated land-use change (LUC). Land for new biofuel production may come directly from clearing new land for agriculture, but often is the result of switching from one crop to another or diverting food crops to biofuel production. In these cases, the largest effects of biofuels on LUC occur indirectly, primarily through changes in food commodity prices (Hertel et al. 2010 , Searchinger et al. 2008 . The ecological impacts of biofuels are therefore inextricably linked with the economics of global agricultural markets. Understanding these complex effects requires the use of tools and methods novel to most ecologists. Therefore, we start with an overview of the tools and terminology of life-cycle assessment (LCA) as it has been applied to biofuels. We then review the ecological impacts of biofuels as mediated through their effects on land use, air pollution, and water use and quality. There has been less research linking the impacts of biofuels on land, air, and water with ecological responses at the species and community levels, yet we provide an overview of recent advances. We conclude with a brief discussion of ways to mitigate the impact of biofuels on biodiversity.
LIFE-CYCLE ASSESSMENT OF BIOFUELS
Life-cycle assessment is a tool to help assess the total resource use and environmental effects associated with products throughout their entire life cycle, from raw materials extraction through production, transportation, use, and disposal (ISO 2006a) . There are two frameworks for performing LCA that answer different questions. The first, more traditional form focuses on the product supply chain, uses average production data and treats production as occurring in a static system. This framework, called attributional LCA, operates under the implicit assumption that the use of the product and its required inputs has no effect on markets (Weidema & Ekvall 2009 ). The alternative approach, known as consequential LCA, is a change-oriented analysis that examines the environmental consequences of a product's use as mediated by changes in the marketplace. For example, biofuel production that uses or displaces food commodities decreases the supply of these commodities available to food markets, thereby increasing the price of these commodities and causing more land to be brought into production. Many first-generation biofuel production systems generate coproducts that partially mitigate this reduction of supply in food and feed markets and should be considered in both attibutional and consequential LCAs. Simply put, whereas an attributional life-cycle inventory (LCI) traces material and energy flows, a consequential LCI follows causal chains (Ekvall & Weidema 2004) .
Reducing greenhouse gas (GHG) emissions is one stated goal of biofuel policy and use. Greenhouse gas emissions are mixed in the atmosphere globally, such that reducing environmental harm from GHG emissions can occur only if an action results in a net global decrease in GHG. Thus, the appropriate boundary for analyses of GHG emissions is global, including market-mediated (indirect) effects, which require consequential LCA (Feng et al. 2010 , Hertel et al. 2010 .
Another important distinction to make is between the average effects of a product's use and the effects of a marginal increase in a product's use. Both average and marginal effects can be calculated using LCA. To understand the environmental impacts of increasing biofuels production, we must consider marginal effects. Estimating marginal effects is more complicated than estimating average effects because one needs to identify the likely source of the next hectare of cropland or gallon of oil. In some cases, marginal and average effects may not be significantly different. For example, the U.S. Environmental Protection Agency (USEPA) found that the marginal gallon of oil displaced by biofuels is essentially the same as the global average of petroleum (USEPA 2010, p. 511) . In other cases, marginal effects may be noticeably different from average effects. For example, marginal crop yields would be lower than average crop yields if less fertile cropland is brought into production.
When system boundaries expand to include complex systems and human behavior, a high degree of uncertainty is unavoidable. Recent policies require regulation based on the quantification of the carbon emissions from indirect land-use change (ILUC) (CARB 2009 , USEPA 2010 . Indirect land-use changes are those induced through land and commodity markets when expanding biofuels production displaces agricultural commodities with relatively inelastic demand, such as food and feed (Babcock 2009). Some biofuels researchers have suggested that regulation of ILUC should be postponed until estimates can be made with certainty (Simmons et al. 2008 ), but this is based on a misperception that certainty is possible when predicting global economic behavior and associated environmental effects. Policy decisions must frequently be made in the absence of certainty. Biofuels policy is no exception and must take into account the uncertain risks associated with mandating or subsidizing different kinds of biofuels. Fortunately, production practices that use qualitatively less land and water can be identified even in the face of high uncertainty about the magnitude of indirect effects.
BIOFUELS AND LAND USE
Land requirements for biofuels can be characterized by this simple formula: land demand = biofuel quantity conversion efficiency × crop yield × unharvested correction .
However, some biofuels produce coproducts, which can replace other products in the marketplace, reducing the net quantity of food or feed displaced. Consequently, the amount of additional or net land required to produce these biofuels is less than the total amount of land on which the biofuel crop is produced. To calculate the amount of net land required for production, we modify the formula as follows:
net land demand = biofuel quantity conversion efficiency × crop yield × unharvested correction ×coproduct discount. This calculation accurately represents the amount of additional land required for biofuel production, but it does not include indirect market effects that may influence other types of agricultural land use. These indirect effects could occur if biofuels increase food commodity prices, decreasing the ability of people to buy food and resulting in less land used for food production. Such changes are not socially desirable as they would increase hunger. Avoiding these effects should be a policy goal, and reductions in ILUC generated by food deficits should not be incentivized.
We address each of the factors affecting biofuel land use in turn below. Because each of these factors may change over time, we discuss both current values and likely future values. 70   60   50   40   30   20   10   0  1990  1991  1992  1993  1994  1995  1996  1997  1998  1999  2000  2001  2002  2003  2004  2005  2006  2007 2008
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Ethanol production by geographic area, 1990-2008 , biofuel consumption will increase by 170-220% in 2020 and by 250-620% in 2030. The higher end of these ranges is predicted if a global atmospheric CO 2 target of 450 ppm is set. The IEA projects that second-generation biofuels (such as cellulosic ethanol) will not be commercially viable enough to be widely used until after 2020 (except to meet U.S. mandates), although the majority of increased production after 2020 is predicted to come from second-generation biofuels (International Energy Agency 2009). Consequently, we focus on the five major first-generation food crops used for biofuel (corn, sugarcane, soybean, oil palm, and rapeseed) and several cellulosic ethanol crops being considered in the U.S. (switchgrass, Miscanthus, corn stover, willow, and hybrid poplar).
Conversion Efficiency
Conversion efficiency varies among feedstocks. Conversion technology for oils, for the starch in grains, and for the sugar in sugarcane is relatively well established and approaches theoretical maximum yields, such that only small improvements can be expected unless additional parts of the grain (e.g., kernel fiber in addition to the endosperm) or the cane stalk (that is, the bagasse) are converted to ethanol. In contrast, conversion of biomass to cellulosic ethanol is still a relatively immature technology, so there is more uncertainty and room for technological improvement. In contrast with today's corn ethanol and biodiesel, sugarcane ethanol and cellulosic ethanol provide process heat and electricity, coproducts that displace fossil fuel use. Tables 2 and 3 present efficiencies for ethanol and biodiesel, respectively. 
Crop Yields
Yields vary greatly between crops and between countries. Fortunately, there are relatively good country-specific data for most food crops (Table 4) . However, there is more uncertainty about biomass crop yields, projecting future yields, yield decreases on marginal lands, and price-induced increases in yields. We address each of these in turn.
There is a lack of data on biomass crop yields necessary to predict land demand for biomass crops. In part, this is because the average yields obtained by farmers are often much lower than the yields achieved in research and demonstration plots. Based on experience with food crop yields, on-farm yields can be expected to be 20% to 70% lower than demonstration plot yields (Lobell et al. 2009 ) (see Table 5 ). Harvest losses may be higher for biomass crops than for food crops, exacerbating this effect. For example, switchgrass on-farm harvest yields were 35-45% lower than hand-harvested yields due to inefficiencies in the harvesting process (Monti et al. 2009 ). Additional on-farm trials are needed to improve predictions of potential biomass crop yields.
Because biomass crops have experienced relatively little breeding to date, there is certainly unexploited genetic variation in yield potential. However, the potential for future yield increases in biomass crops is too uncertain to quantify at this point.
Corn stover is the residue left over after grain harvest. Stover is potentially an abundant and cheap source of biomass for cellulosic ethanol. Leaving enough stover in fields to protect against wind and water erosion would still allow an estimated 54 million Mg to be harvested annually in Schmer et al. 2008 . As this study examined commercial-scale switchgrass production, no yield discount was applied. e Yields are reported as average annual yields, from coppice harvests every three years (Aylott et al. 2008) . f Economically recoverable yields modeled based on corn grain yields (Graham et al. 1997) .
the United States (Graham et al. 2007 ). However, this estimate is likely to be much lower once soil fertility and organic carbon depletion are also considered (Wilhelm et al. 2007 ). Food crop yields have generally increased over time owing to ongoing technological improvement. Future crop yields are often projected by extrapolating from historical trends. Although yield increases are commonly reported as percent increases over time, this language is misleading because it suggests that historical yield growth has been exponential. However, this is not generally the case, so exponential extrapolations result in poor predictions, as illustrated in Figure 3 . By fitting trends to data from 1950-1989, we predicted average U.S. corn yields in [2007] [2008] [2009] . A linear extrapolation was accurate to within 0.01 Mg ha −1 , but the exponential extrapolation overestimated yields by 67%. Projections of future yields that deviate significantly from historic linear trends should be treated with skepticism.
Other factors affect marginal crop yields. For example, the new area under production may not have the same yields as land currently under production. Specifically, new cropland may have lower yields than the average existing cropland. This is almost certainly the case in the United States, where the most fertile cropland is in use, and as recently as 2007, 14.9 million ha of less fertile land was enrolled in land retirement programs (that is, the Conservation Reserve Program, CRP). Much of the expansion of cropland in the United States is expected to come from bringing a portion of these lands back into production. Unfortunately, there are few estimates on how much lower the yields are on these marginal lands compared to the average yields on existing farmland. One study in Iowa predicted which lands would be brought into crop production as corn prices increased (Secchi et al. 2009 ). These data indicate that corn prices of $4/bushel would result in the cropping of CRP land with average yields 9% lower than the average 2006 Iowa corn yields. Additional research is needed to determine how applicable this estimate is beyond Iowa and to price shocks expected with future biofuel production.
In developing countries, agricultural expansion is occurring on newly cleared land, rather than on marginal land brought back into production. In these situations, new cropland may have been previously unfarmed due to factors other than low soil fertility, such as lack of markets, infrastructure, or human capital. Babcock & Carriquiry (2010) found that regions in Brazil experiencing faster expansion of soybeans did not have lower soybean yields or yield growth. Thus, although additional research is needed in this area, the available data do not support lower yields on newly converted lands on the agricultural frontier.
If corn prices increase more rapidly than soybean prices, farmers may switch from corn-soybean rotations to continuous corn, resulting in lower corn yields. Compared to corn planted after soybean, corn planted after corn has yields that are 5-17% lower, depending on the tillage system (Vyn et al. 2000) .
Finally, yields could increase in response to biofuel production if biofuel demand increases crop prices and farmers invest more in inputs (e.g., high-yielding crop varieties or fertilizer), or, in the longer term, if higher prices lead to increased technological improvements. This type of induced innovation has long been thought to play a role in agricultural development (Hayami & Ruttan 1971) . The importance of such yield responses for estimating the magnitude of new land demand in response to increased biofuel production has recently been reviewed by Keeney & Hertel (2009) . They estimate that about 30% of the increase in corn production for ethanol will come from yield increases rather than from cropland expansion. Because yields vary with weather from year to year, it is too soon to determine whether this hypothesized yield response to recent corn price increases in the United States is supported by empirical data. Further, Keeney & Hertel's estimate is based on average of values from four studies, only one of which uses data extending past 1973. Given the importance of yield increases for predicting land demand associated with increased biofuels, econometric analyses using more recent data are warranted.
Unharvested Correction
Not all land that is planted to a crop is harvested every year. In annual crops, this is largely due to crop failure. In perennial crops, plantations are often unharvested during establishment and must be periodically replanted. Because yields are calculated only on lands that are actually harvested, ignoring this factor underestimates actual land required to produce a given quantity of biofuel. For example, palm plantations are not harvested for the first 2.5-3 years after planting and the lifetime of a plantation is 23-30 years (Hensen 2003) . Thus, on average, an oil palm plantation is harvested only ∼90% of the time. Similarly, sugarcane is typically harvested five times over six years before replanting (Macedo et al. 2008) , and short-rotation woody crops must be replanted after several cuttings and typically have lower yields in the first harvest. Table 6 presents the relevant correction factor for a variety of biofuel feedstocks. Trends for this are flat, so predictions of future land demands should include the correction factors listed here.
Coproduct Discount
The allocation of environmental consequences among coproducts is an area of long-standing controversy in LCA (e.g., Ekvall & Finnveden 2001 , Kim & Dale 2002 . The approach favored in the International Standards Organization (ISO) standards for LCA (ISO 2006b)-and the only approach that is clearly related to actual environmental outcomes-is to expand the analytical boundaries to encompass the products displaced by the coproducts and to subtract the avoided consequences from those of the system under study (Weidema 2000) . Most biofuels produce coproducts. Biodiesel production also produces a small amount of glycerin (∼2% of the oil, by mass). Glycerin is also a byproduct of soap making and vegetable cooking oil production, and its displacement by biodiesel production is unlikely to measurably reduce the amount of land required to make soap or cooking oil. The production of soybean oil yields soybean meal (∼82% of the soybean, by mass), and the production of rapeseed oil yields rapeseed meal (∼59% of the rapeseed, by mass). The production of crude palm oil also yields palm kernel oil (∼19% of total oil in the full fruiting body), along with empty fruit bunches, fiber, and shell (Yusoff & Hansen 2007) .
Sugarcane ethanol (and sugar) production also produces bagasse, the biomass left over after cane juice is extracted. Bagasse is typically burned to supply heat and electricity for the ethanol production process (Macedo et al. 2008) . When one calculates the climate benefits of sugarcane ethanol, any GHG emissions avoided through the use of bagasse are credited to the ethanol.
Fermentation of grains (e.g., corn, sorghum, wheat, and barley) results in distillers grains and solubles (DGS) that can be fed to livestock, reducing the use of feed grains and oilseed meal. Synthesis of recent analyses of U.S. corn ethanol production suggests that one kilogram of DGS displaces about 0.81-0.95 kg of corn grain and 0.23-0.29 kg of soybean meal in animal feed markets (Arora et al. 2008 , Bremer et al. 2010 . We calculate that avoiding production of these quantities of corn and soybean-and, thus, the land these crops would require-offsets about 60% of the land required to produce corn for ethanol. However, this does not take into account potential yield decreases from expansion onto marginal lands or from planting corn continuously instead of in rotation with soybeans. Because soybean yields are lower than those of corn, the land-use benefit of displacing soybeans is relatively high. Therefore, the land-use displacement of DGS is highly dependent on whether DGS displaces soybeans or corn and varies across livestock type (e.g., beef cattle, dairy cattle, poultry, and swine). In general, the GHG and land displacement credit to assign to biofuel coproducts is difficult to estimate because these quantities vary according to the specific use of each coproduct and the specific uses depend on market prices. In addition, new uses for coproducts are being developed as larger quantities of inexpensive coproducts are produced.
Global Biofuel Land Use
By synthesizing the above data we find that, globally, 15.9 million ha were required to produce ethanol and 17.4 million ha were required to produce biodiesel in 2008. In total, biofuels required 33.3 million ha in 2008 ( Table 7) . This is about 2.2% of global cropland. Assuming biofuels expand by 170% in 2020, as under a business as usual scenario (International Energy Agency 2009), cropland required for biofuel production would be 72-82 million ha if biofuel production efficiencies (that is, crop yields and conversion efficiencies) increased by 10-25%. Our estimates of the land required to produce biofuels do not include coproducts effects due to lack of data. Research on coproduct effects could help guide biofuel producers toward processes and coproducts that reduce the amount of new land required for biofuel production.
Modeled Land-Use Change
The effects of biofuels on biodiversity and climate change depend not only on how much new land is required for biofuels but also on where that land comes from. Globally, the area used for cropland has been expanding at a rate of about 3.4 million ha year −1 (FAO 2010) . This trend has been apparent over decades, prior to the large-scale production of biofuels, indicating that increasing demand for food is sufficient to drive cropland expansion, independent of biofuel demand. Therefore, global land demand for crop-based biofuels must be viewed as requiring additional cropland beyond the expansion required to meet food demand.
We can classify the direct source of lands used for biofuel production into one of three categories: crop switching (that is, growing biofuel feedstocks on existing cropland), bringing previously cropped land back into production, or conversion of other land uses to cropland. One notable opportunity is for biofuel production to be targeted on lands that are degraded and abandoned from grazing or cropping. Conversion of current pasture to biofuel production is likely to result in the indirect expansion of grazing lands into forests and other natural ecosystems unless it is paired with increases in the efficiency of livestock production. However, if land availability and biofuel demand are located in different countries, targeting degraded lands for biofuel production may conflict with priorities in consuming nations to use domestically produced biofuels. For example, the use of degraded lands outside the United States to meet ethanol demand in the United States is limited by an import tariff on ethanol.
Most biofuels are not produced directly on land newly cleared from natural ecosystems. Rather, the majority of LUC associated with biofuels is indirect, illustrating that a complete understanding of the LUCs caused by biofuels must go beyond direct impacts.
Land-use change associated with biofuel production has been modeled for two purposes. One purpose has been to examine potential unintended consequences of capping carbon emissions when biofuels are assumed to be carbon neutral. For example, Wise et al. (2009) predict LUC under two carbon tax frameworks for limiting atmospheric concentration of CO 2 . In the first case, fossil fuel and industrial emissions, as well as biogenic emissions, are taxed; in the second case, only fossil fuel and industrial carbon emissions are taxed. When taxing only fossil carbon to limit the atmospheric concentration of CO 2 to 450 ppm, their model predicts massive deforestation, with virtually all natural ecosystems (that is, lands not used for food or forest products) being converted to either food or energy production. In contrast, when biogenic carbon is also taxed, forested land increases (Wise et al. 2009a) . Similarly, Melillo et al. (2009a,b) predict that taxing only fossil carbon to limit the CO 2 concentration to 550 ppm would lead to deforestation of more than half of remaining natural forests, with biofuel production covering 16% of the Earth's terrestrial surface. For comparison, cropland currently covers 12% of the Earth's surface. The ILUC as a result of this policy would be nearly twice as large as the area under biofuel feedstock cultivation, and the global warming effect of increased nitrous oxide emissions would be larger than that of increased CO 2 emissions. Although the specific numbers are uncertain, the studies highlight the importance of including ILUC and other indirect effects in regulatory accounting protocols.
A second research purpose has been to support regulatory efforts to mitigate GHG emissions from the transportation sector. These analyses model market-mediated effects using global economic or agricultural-economic models that account for the supply, demand, and substitutability of biofuels, food, and feed (Hayes et al. 2009 , Keeney & Hertel 2009 , Melillo et al. 2009a , Searchinger et al. 2008 , USEPA 2009 ). These models capture important aspects of economic systems but, as they are not spatially explicit, cannot on their own project where new agricultural production is likely to occur.
Current models use different approaches to predict spatial patterns of LUC. The Food and Agricultural Policy Research Institute (FAPRI) Agricultural Outlook Model (see http://www. fapri.iastate.edu/) projects LUC at the national level. The Global Trade Analysis Project (GTAP) model (see http://www.gtap.agecon.purdue.edu/) projects LUC for up to 18 agro-ecological zones (AEZs) within each of 18 different geographic regions. AEZs are defined by rainfall and temperature, indicating crop suitability. Predicted LUC within these nations or zones must then be mapped to specific ecosystem types to predict GHG consequences.
Changes in land use are commonly assumed to occur at the observed agricultural frontier in each region, based on historical records (Hertel et al. 2010 , Searchinger et al. 2008 or satellite image analysis (Harris et al. 2009 , USEPA 2010 . Specifically, some analyses used data compiled by the Woods Hole Research Institute representing carbon stocks and land conversion in the 1990s (Hertel et al. 2010 , Searchinger et al. 2008 . In contrast, the USEPA, in its regulatory impact analysis for the RFS2, identified the agricultural frontier using a comparison of 2001 and 2007 MODIS satellite data (Harris et al. 2009 ). In both cases, further changes in land use in each country were assumed to occur at the agricultural frontier in proportion with the historical pattern.
The assumptions used to map economic model results to specific land cover classes are one of several sources of uncertainty in ILUC predictions. The drivers of LUC are diverse (Geist & Lambin 2002 , Pfaff et al. 2007 , and commodity price pressure may result in a pattern of LUC that differs from the gross pattern of conversion observed in the historical record. Actual patterns of LUC will also be influenced by demand for biomass from the electricity sector and from increasing demand for food from population growth and increasing per capita meat consumption. Understanding biofuels-induced LUC patterns is an important subject for further research. Figure 4 shows the distribution of LUC projected by three studies. The Hertel et al. (2010) study is based on GTAP, which, unlike FAPRI, assumes that price effects are transmitted primarily to existing trading partners. This assumption results in a different distribution of LUC, with GTAP predicting relatively more change in the U.S. and less in Latin America and China.
In its rulemaking for RFS2, the USEPA projected yield and efficiency increases in feedstock and biofuel production. As a result, their predicted environmental impact per liter of biofuel decreases over time. For example, USEPA estimates that corn ethanol in 2012 causes LUC emissions per liter that are 152% greater than those projected for 2022. The USEPA final ruling uses the lower projected 2022 estimates to determine compliance with the regulation's GHG performance standards in all years. For example, the USEPA considers corn ethanol production in 2012 to meet the required 20% GHG reduction, even though their own modeling predicts a 12-33% increase in GHG emissions for corn ethanol produced from natural gas-powered dry mills in that year.
The estimates of ILUC for U.S. corn ethanol range from 67-179 ha 10 −6 l −1 (Figure 4) . Estimates of ILUC in 2022 for U.S. switchgrass cellulosic ethanol are 49 ha 10 −6 l −1 , for U.S. soybean biodiesel are 365 ha 10 −6 l −1 (250 ha 10 −6 l −1 on an ethanol energy equivalent basis), and Hectares of land-use change projected to occur in major regions for Searchinger et al. (2008) , Hertel et al. (2010) for Brazilian sugarcane ethanol are 88 ha 10 −6 l −1 (USEPA 2010). Land-use change can also be expressed as a net displacement factor, calculated as a ratio of (a) the net hectares of new cropland including ILUC to (b) the hectares dedicated directly to additional biofuel feedstocks. In general, this ratio is likely to be less than one because of coproduct displacement and price elasticities, although the ratio could be greater than one if biofuel feedstock production occurs on highyielding cropland that is replaced by low-yielding food production. Projected net displacement factors for 2022 are 0.68 for sugarcane ethanol, 0.43 for corn ethanol, 0.29 for switchgrass cellulosic ethanol, and 0.14 for soybean biodiesel (USEPA 2010).
BIOFUELS AND AIR POLLUTION
Biofuels can decrease or increase both GHG emissions and other air pollutants compared to fossil fuels. Emissions can come from tailpipes, the biofuel production process, or LUC.
Greenhouse Gas Emissions
Until recently, LCA studies of biofuel GHG emissions did not consider LUC and generally concluded that biofuels led to a reduction of GHG emissions compared to fossil fuels (e.g., Farrell et al. 2006) . Recent studies have found that the LUC component of GHG emissions from current food-based biofuels is often large enough to offset this benefit.
Greenhouse gas emissions from land-use change.
Estimates of total LUC GHG emissions attributed to biofuel expansion depend on the number of hectares affected, the type of ecosystem affected, and the per hectare GHG emissions associated with LUC for each affected ecosystem. Mg CO 2 ha -1
Figure 5
Regional emission factors (Mg CO 2 ha −1 ) used by Searchinger et al. (2008) , Hertel et al. (2010) , and the U.S. Environmental Protection Agency's (USEPA 2009) draft ruling. Note that an emission factor from the USEPA for the United States is not shown, as it was not possible to disaggregate a factor from the published results. Regional definitions are approximate, owing to different aggregation strategies in each model.
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for projected pasture conversion in that region, resulting in a low emission factor for Asia. Because GTAP considers only forests in economic use (that is, those managed for timber), it does not model the conversion of unmanaged forests to other uses, potentially underestimating Asian ILUC emissions. The differences in emission factors for a given region could result from different assumptions about the type of ecosystem being converted (e.g., grassland, shrubland, forest, wetland, or peatland) or from different assumptions about the emission factor for a given ecosystem. Unfortunately, it is not possible to disaggregate ecosystem-specific emission factors from all the published models shown in Figure 5 .
Emission factors are a function of [see supplementary material of Fargione et al. (2008) ]: (a) aboveground biomass, (b) belowground biomass (20-56% and 64-480% of aboveground biomass for forests and grassland, respectively; Mokany et al. 2006) , (c) dead biomass (estimated as a fraction of aboveground biomass), (d ) soil carbon, (e) the fraction of soil carbon lost (or gained) upon conversion, ( f ) the fraction of woody biomass retained in long-lived forest products (lumber has a ∼30-year half life), ( g) the fraction of aboveground biomass remaining as charcoal carbon after fire to clear land (1.9-4.5%), and (h) the amount of carbon retained in converted lands (e.g., 36-48 Mg C in biomass ha −1 in oil palm). In forests, the largest source of variation is associated with estimates of aboveground biomass (e.g., 161-270 Mg C ha −1 in Southeast Asia lowland tropical rainforest; Fargione et al. 2008 ), but new methods can reduce this uncertainty (Gibbs et al. 2007 ). In grasslands, the largest source of variation is the fraction of soil carbon lost upon conversion. The largest emission factors are associated with the conversion of peatlands in Southeast Asia. These lands not only have the highest aboveground biomass, but also release 37-73 Mg CO 2 ha −1 year −1 due to decomposition of drained organic soils (Fargione et al. 2008) . Black carbon (commonly referred to as soot) is an underappreciated contributor to global warming (Bond & Sun 2005 , Ramanathan & Carmichael 2008 . Open fires associated with land clearing in tropical forests are a major source of black carbon in the atmosphere. Black carbon in the atmosphere efficiently absorbs light in the visible spectrum, raising atmospheric temperatures and decreasing surface temperatures (Ramanathan & Carmichael 2008) . The global warming forcing of black carbon emissions attributable to LUC associated with transportation biofuels (or burning sugarcane fields used to produce sugarcane ethanol) has not yet been quantified.
Nonland-use life-cycle emissions.
Attributional LCA studies suggest that the GHG emissions associated with corn ethanol production in a recent vintage natural gas-fired dry mill are ∼61 g CO 2 e MJ −1 , compared with ∼94 g CO 2 e MJ −1 for gasoline (Plevin 2009 ). However, results vary significantly across studies owing to different choices of system boundaries, coproduct allocation methods, data vintage, and the specific technologies modeled (Farrell et al. 2006 , Plevin 2009 ). Table 8 shows select values for life-cycle GHG emissions adopted by the California Air Resources Board for a range of fuels (available at http://www.arb.ca.gov/fuels/ lcfs/121409lcfs_lutables.pdf ).
Indirect or market-mediated effects extend beyond land-use effects. Of the models discussed here, only the USEPA has attempted to estimate indirect non-LUC GHG emissions. The USEPA's analysis includes emissions of methane (CH 4 ) from enteric fermentation and rice production; CO 2 , CH 4 , and N 2 O for on-farm energy use; N 2 O emissions from nitrogen fertilizer application; and CO 2 fluxes associated with changes in tillage practices.
Another indirect economic effect of biofuels production is the global petroleum rebound effect, in which petroleum consumption rebounds to make up for some of the fuel displaced by biofuels. This occurs because the production and use of biofuels reduces petroleum demand, thereby decreasing the price of petroleum globally and leading to increased consumption relative to the case without biofuels (USEPA 2010, p. 512). Stoft (2010) estimates this rebound effect based on the results of prior modeling studies of global petroleum markets, showing a range from 29% to 70%. If our best estimate of the rebound effect is, say, 32%, then to properly estimate the net GHG benefits of biofuels, we need to add back in 0.32 units of petroleum for each energy-equivalent unit of biofuel produced. Of course, the magnitude of the rebound effect is uncertain, as it depends on the response of OPEC and other producers to changes in demand. Nonetheless, the potential magnitude of this effect demonstrates the need to consider the GHG consequences of biofuel effects in the context of the global petroleum market.
Emissions Affecting Air Quality
Research on the air pollution impacts of biofuels has focused on GHG, but air quality is also affected by a multitude of other compounds emitted during fuel production and use (Hess et al. 2009 ). These pollutants affect human health (e.g., cardiovascular disease, cancer, and birth defects) and the environment (e.g., acid rain, decreased crop production, and reduced visibility). Both fuel production and end use (tailpipe emissions) are considered when estimating the full life-cycle emissions of pollutants affecting air quality. Tailpipe emissions affecting air quality have been well characterized for end-use combustion of biofuels, which depend upon vehicle type, vehicle emission standards, and biofuel blend levels. In recent reviews, Jacobson (2007) and Yanowitz & McCormick (2009) found that burning ethanol in an E85 blend (85% fuel grade ethanol blended with 15% gasoline) results in reduced emissions of nitrogen oxides, benzene, and 1,3-butadiene, but also in increased emissions of ethanol, formaldehyde, and acetaldehyde. Similarly, McCormick (2007) found biodiesel blends tend to reduce particulate matter, carbon monoxide, total hydrocarbons, and many toxic compounds, but can increase nitrogen oxides at higher blending levels.
Including fuel production in a well-to-wheel emissions assessment indicates that volatile organic compounds, carbon monoxide, nitrogen oxides, particulate matter, and sulfur oxides are higher for ethanol from corn burned as E85 compared to gasoline (Brinkman et al. 2005) . The net damage to human health and the environment caused by these and other pollutants is not solely determined by the quantities emitted, however, but also on how, where, and when fuels are produced and www.annualreviews.org • The Ecological Impact of Biofuelsused. Hill et al. (2009) , employing a spatially explicit LCA, estimated that the economic damages to human health due to life-cycle emissions of fine particulate matter (PM 2.5 ) from ethanol are higher than those of gasoline when the ethanol is produced from corn, but lower when the ethanol is produced from cellulosic biomass.
As with GHG, LUC may have important consequences for air quality. Oil palm plantations in Malaysia emit more nitrogen oxides and volatile organic compounds than rainforest, which under increased biofuel production may lead to higher levels of ground-level ozone (Hewitt et al. 2009 ). In Brazil, conversion of land to sugarcane ethanol production may cause increased groundlevel ozone (Goldemberg et al. 2008 ) and particulate matter levels (Cançado et al. 2006 ) from the burning of fields in preparation for harvest, in part leading to a federal decree to eliminate burning by 2017 (Macedo et al. 2008 ).
BIOFUELS AND WATER
Biofuel crops require water for growth and for processing and can lead to increased demand for water. Water used in processing is a potential point source of pollution, but is relatively easily regulated and treated. The volume of water used in the growth of crops is much greater than that used in processing, and this non-point source of water pollution is less easily regulated, so we focus on the impacts of water pollution from growing biofuel crops.
Water Use
The amount of water applied in biofuel production is highly dependent on whether the feedstock is irrigated ( Table 9) . For example, excluding agricultural water use, ∼3 gallons of water are required at ethanol plants for every gallon of corn ethanol produced (Wu et al. 2009 ). However, irrigated corn requires ∼643 gallons of irrigation water for every gallon of ethanol. Since 18% of corn comes from land that is irrigated (larger than the percent of corn area irrigated because irrigated acres have above average yields), each gallon of corn ethanol uses, on average, 115 gallons of irrigation water. However, because much of the land suitable for rainfed agriculture in the United States is already in production, corn expansion in the United States is occurring disproportionately on land that requires irrigation. This means that the marginal water use by corn is higher than the average water use. Between 2003 and 2008, area harvested for corn grain increased by 3.1 million ha and irrigated area increased by 0.9 million ha, suggesting that approximately 29% of the new corn area is irrigated and that 34% of new corn production comes from irrigated land (because of the higher yields on irrigated land). Assuming corn ethanol production uses average new corn, 216 gallons of irrigation water are used per gallon of ethanol. Only 60-80% of this water is consumed by evapotranspiration, leaving the rest to enter surface waters (Mubako & Lant 2008) . However, because about 90% of irrigated corn acres are irrigated with ground water (USDA 2009), which may be withdrawn at unsustainable rates (Roberts et al. 2007) , it is useful to include all water withdrawals in our measure of impact on water resources.
At present, oil palm is rarely irrigated, but research suggests that it could be profitable to do so, indicating that intensified production practices could lead to greater water use for oil palm. Similarly, although only 1% of Brazilian sugarcane is irrigated, 30% of global sugarcane area is irrigated. In general, expansion of biofuel crops (including potential crops such as Miscanthus or Jatropha) onto marginally suitable lands is likely to require more irrigation than they currently receive.
A full accounting of the consequences of biofuel production for water use must also take into account the opportunity cost that occurs when biofuels use land suitable for rainfed crops (Fingerman et al. 2010 ). In the absence of biofuels, precipitation on these lands could be used for other crops, for environmental services, or for reservoir and groundwater recharge. Accounting for this embedded water is accomplished through modeling evapotranspiration in crop growth. However, the actual impact of the water consumed in biofuel production will depend on local water supplies and demands and the water uses being displaced by shifting land use to biofuel production.
Water Quality
Biofuels impact water quality through the application of fertilizers and pesticides as well as changes in tillage practices, which affect pollution and sediment loads. Impacts from fertilizer and pesticides tend to increase with the rate of application and with the amount of leaching and runoff. Biofuel feedstocks range widely in the amount of fertilizer applied ( Table 10) . Leaching of nutrients is much lower under perennial grasses compared to annual crops. For example, the amount of nitrate leaving tile-drained fields planted to grass was 98% lower than the amount leaving continuous corn (Randall et al. 1997) .
Increased demand for corn may lead farmers to plant continuous corn rather than corn-soybean rotations, which leads to increased nutrient applications for several reasons. First, soybeans, as with other legumes, can acquire nitrogen from the atmosphere, and therefore require low rates of fertilization. Thus, replacing soybeans with corn increases fertilizer application. Second, corn planted after soybeans requires less fertilizer, because soybean residue acts as a green fertilizer. For example, in Iowa it is estimated that corn after soybeans receives 57 kg ha −1 less fertilizer than continuous corn (Hennessy 2006) . Consequently, Donner & Kucharik (2008) et al. 2008 ethanol production that will be required to meet the current U.S. renewable fuels standard. The increased fertilizer application rate on cropland once it is shifted to corn, along with increased crop acreage, will increase the size of the hypoxic zone in the Gulf of Mexico and very likely will preclude reaching nitrogen reduction goals set for the watershed (Donner & Kucharik 2008) . Increased biofuel production may also affect tillage practices. Perennial crops do not require tillage and thus cause less soil erosion and water quality impacts than do annual crops. Notill practices can also be applied with annual biofuel crops. However, compared to corn-soybean rotations, continuous corn is less likely to be managed with no-till because continuous corn without tillage typically results in yield decreases associated with residue build-up (e.g., Vyn et al. 2000) . Therefore, to the extent that it increases the use of continuous corn, demand for corn ethanol may reduce the use of no-till. However, some research suggests that no-till farming on continuous corn may avoid yield decreases if practiced in combination with stover removal, which could provide biomass for cellulosic ethanol or bioenergy production (Moebius-Clune et al. 2008) . Although no-till has other clear benefits, the hypothesized carbon benefits of no-till are questionable because shifting from conventional-till to no-till can increase N 2 O emissions (Six et al. 2004) , and reported soil carbon increases with no-till may be an artifact of sampling soils only to shallow depths (Angers & Eriksen-Hamel 2008 , Baker et al. 2006 , Blanco-Canqui & Lal 2008 , Yusoff & Hansen 2007 .
ECOLOGICAL IMPACTS
The impacts of biofuels on biodiversity depend on which habitats are replaced and which crop and management practices they are replaced with, and are thus highly context specific. We review relevant literature on biofuel impacts in the United States, Brazil, and Southeast Asia.
United States
Between 2006 and 2007, the area planted with corn in the United States increased by 6.2 million ha. At the same time, the land planted with soybeans decreased by 4.4 million ha. Clearly, the majority of direct conversion to accommodate increased corn production happened through crop switching. However, previously planted cropland also came back into production. In the United States, the largest pool of previously cropped lands is the CRP, a cropland retirement program designed to support crop prices and provide environmental benefits by putting marginal cropland back into perennials. In the fall of 2007, 931,000 ha left the CRP. Recent legislation requires a further decrease of CRP area by at least 1.0 million ha. There is also newly cropped land: Between 2002 and 2007, at least 203,000 ha in North Dakota, South Dakota, and Montana that had never been plowed before were converted to cropland ). This continues a pattern of conversion in which 10 million ha of private grassland was converted, primarily to cropland, between 1982 converted, primarily to cropland, between and 2003 converted, primarily to cropland, between (GAO 2007 .
Land demand for biofuel crops could result in the conversion of grassland habitat to monocultures of corn or other dedicated energy crops. Water quality impacts will depend heavily on the crop type (for example, whether the crop is annual or perennial) and management practices such as fertilizer and pesticide use. However, habitat loss will occur with practically all crop types ). In a meta-analysis, Fletcher et al. (2010) report that animal diversity (as measured with, e.g., species richness or Shannon's Index) in row crops was reduced by about 60% compared to reference habitat. Further, Fletcher et al. found that the response of bird abundance to row crops was negatively correlated with an index of conservation concern, indicating that birds of greater conservation concern are more threatened by conversion to row crops. Vertebrate diversity and abundance was higher in CRP than in row crops (Fletcher et al. 2010) , consistent with other work demonstrating the wildlife benefits of CRP (reviewed in Fargione et al. 2009 ). Further, beneficial insect taxa are more abundant and diverse in switchgrass and native prairie than in corn (Gardiner et al. 2010) . These results suggest that native prairie plants such as switchgrass or diverse native prairie could provide habitat benefits compared to row crops, especially if managed to maintain habitat value ).
Brazil
In Brazil, both sugarcane and soybeans are planted primarily in the tropical savanna (Cerrado) located south of the Amazon rainforest. Lapola et al. (2010) used an LUC model to predict the effects of the expansion of ethanol and biodiesel in Brazil by 2020. They predict that 97% of new sugarcane and soybeans will be grown on existing rangeland and cropland, and that indirect effects will cause the conversion of 12.2 million ha of forest and 4.6 million ha of other natural habitats. Their results also illustrate the importance of changes in the efficiency of livestock production. Their model assumes an increase in livestock density of 0.09 head per ha, but an increase of 0.13 head per ha would avoid the need for ILUC by fulfilling food and biofuel demand on existing cropland and rangeland (Lapola et al. 2010) .
Direct habitat impacts of biofuel expansion are likely to occur primarily in the Cerrado but may also impinge on remaining Atlantic forest (Lapola et al. 2010) . Most of the indirect effects are likely to occur in the Amazon (Lapola et al. 2010) . All three of these areas support remarkable biodiversity that requires intact native habitat and secondary forest for survival.
The Cerrado contains over 7,000 plant species, with high levels of endemism (Klink & Machado 2005) . The Cerrado is also rich in species of birds, fish, reptiles, amphibians, and insects. Numerous species are threatened with extinction, with notable risks to the estimated 20% of species that do not occur in protected areas. Only 2.2% of its area is under legal protection; in the past 35 years, over 50% of its approximately 200 million ha have been converted to pasture and cropland. Conversion in the Cerrado is ongoing, with a greater area of conversion per year than in the Amazon. Pasture lands are planted with exotic grasses that create a more frequent and intense fire regime and are incompatible with most native species (Klink & Machado 2005) .
The Brazilian Atlantic forest is one of the most diverse biomes on Earth and may contain 1-8% of the Earth's total species (Ribeiro et al. 2009 ). This includes species of more than 20,000 plants, 261 mammals, 688 birds, 200 reptiles, and 280 amphibians, in addition to the species not yet described by science (Ribeiro et al. 2009 ). The Brazilian Atlantic Forest is now at least 84% deforested, and what remains is highly fragmented and poorly protected. More than 80% of remaining forest fragments are smaller than 50 ha, and almost half the remaining forest is less than 100 m from its edges (Ribeiro et al. 2009 ). Nature reserves protect only 9% of remaining forest (Ribeiro et al. 2009 ). Protection of remaining Atlantic Forest and forest restoration may conflict with increasing sugarcane production (Lapola et al. 2010) .
Historic conversion of the Amazon has been associated primarily with grazing by smallholders (Fearnside 2005) . Rates of deforestation have historically been tied to rural population growth, but globalization has increased the role of intensive commodity production (crops, livestock, and lumber) in deforestation over the past two decades (Barona et al. 2010 , Rudel et al. 2009 ). This increased role of commodity production as a driver of deforestation helps explain why Brazil and Indonesia comprise an increasing share of global tropical deforestation, up from about 20% in the 1980s to 40-60% between 2000 40-60% between -2005 40-60% between (Rudel et al. 2009 ). If deforested lands are not cultivated or grazed, secondary forest can, within decades, support a surprisingly large number of forest species (Chazdon et al. 2009 ). However, LUC also threatens secondary forests. For example, in areas of eastern Amazon already dominated by human settlement, grazing area expanded between 1994 and 2003, even though it had remained constant during the preceding decade (de Almeida et al. 2010) .
In total, increased demand for agricultural commodities will continue to be a driver behind the conversion of primary and secondary forests in Brazilian tropical forests and savannas. Increased protection of natural areas in these species-rich areas is necessary to preserve biodiversity in the face of these pressures (Brooks et al. 2009 ). Koh & Wilcove (2008) estimate that the majority of new palm plantations between 1990-2009 in Indonesia and Malaysia were established on former primary and secondary forest land. This forest conversion threatens the remarkable biodiversity found in these rainforests: Across all animal taxa, in paired comparisons, 85% of species found in primary forest were absent in palm plantations (Fitzherbert et al. 2008) . Trees, lianas, epiphytic orchids, and native palms are completely absent from palm plantations (Danielsen et al. 2009 ). Logged forests, when not converted to oil palm plantations, will recover much of their biodiversity value (Danielsen et al. 2009 , Fitzherbert et al. 2008 , Koh & Wilcove 2008 . Oil palm plantations support less biodiversity than most alternative agricultural crops, including rubber, cocoa, coffee, and Acacia plantations (Fitzherbert et al. 2008 , Koh & Wilcove 2008 . Oil palm plantations are also likely to affect biodiversity in adjacent habitat through fragmentation and edge effects, such as changes in the microclimate, sunlight penetration, and fire regime (Fitzherbert et al. 2008) .
Southeast Asia
In general, palm plantations tend to be dominated by one or a few generalist species that are not of conservation concern, such as exotic and invasive species (Danielsen et al. 2009 ). For example, 40% of ant species found in oil palm plantations were exotic, including the highly invasive crazy ant Anoplolepis gracilipes (Fitzherbert et al. 2008) . Oil palm production also involves pollutants including rodenticides, insecticides, herbicides, fertilizers, and POME (palm oil mill effluent). POME is usually purified so it can be discharged with minimal environmental impact, and integrated pest management and leguminous cover crops can reduce the need for insecticides, herbicides, and fertilizers. However, even under ideal management practices, oil palm plantations can support only a small fraction of the biodiversity of primary forests. For example, the abundance of birds and butterflies in oil palm plantations was primarily influenced by the amount of adjacent forest cover and was relatively insensitive to variations in weed and epiphyte abundance within the plantation (Koh 2008) . In total, the biggest opportunity for oil palm plantations to improve biodiversity is through avoiding conversion of forests, as compared to improving the habitat value of plantations themselves. Avoiding forest conversion can come, at least in part, from yield increases and from targeting expansion onto degraded lands. For example, the invasive grass Imperata cylindrica covers at least 8.5 million ha in Indonesia (Fitzherbert et al. 2008 ) and could be converted to oil palm plantations with minimal adverse effects on biodiversity.
Expansion of oil palm in other areas around the world raises similar threats to biodiversity. There are 746 million ha of tropical forests that are suitable for palm oil production (Stickler et al. 2007 ). In the second half of 2008 alone, at least half a million hectares of new oil palm concessions were announced in the Brazilian Amazon, Papua New Guinea, and Madagascar, all of which are biodiversity hotspots (Koh et al. 2009 ).
Energy Crops and Invasion
Current biofuel crops are dependent on human cultivation and do not pose a risk of becoming invasive. However, proposed biomass energy crops pose significant risk of becoming invasive and causing unintended effects on species (Wilcove et al. 1998 ) and ecosystem services (Crooks 2002) , with significant costs associated with damage and invasive species control.
Many of the traits that make plants desirable for biomass energy production, such as rapid growth, also increase the risk of their becoming invasive ( Raghu et al. 2006) . Consequently, biomass energy crops are more likely to pose a risk of invasion than are other introduced plants (Buddenhagen et al. 2009 , Mack 2008 . Weed risk assessment applied to potential biomass energy crops could help focus biomass energy crop development efforts on species that pose less risk of invasion (Cousens 2008 , Davis et al. 2010 ).
CONCLUSION: MITIGATING THE ECOLOGICAL IMPACT OF BIOFUELS
Biofuels are the most land-intensive form of energy production (McDonald et al. 2009 ). The land requirements for biofuels have potential negative consequences for biodiversity and GHG emissions by causing, either directly or indirectly, the conversion of natural ecosystems to cropland. Although the magnitudes of these effects are poorly constrained, we can identify strategies to mitigate these effects. Development that follows the mitigation hierarchy can dramatically improve outcomes for biodiversity (Kiesecker et al. 2010) . The mitigation hierarchy follows these steps for development: (a) avoid sensitive areas, (b) minimize impacts through best practices, (c) restore areas after use, and (d ) fund compensatory offsite mitigation. In the case of conversion to biofuel crops, avoiding sensitive areas is perhaps the most important and complex of these steps. There are five steps that must be taken to help biofuels avoid impacts on sensitive areas. First, the use of biofuel feedstocks that do not compete with food for land, such as wastes, residues, cover crops, and forest thinnings, should be favored ). Second, abandoned and degraded cropland and rangeland should be identified and targeted for biofuel production (Campbell et al. 2008) . Third, increasing yields, coproduct offsets, and livestock production efficiencies will better allow existing agricultural land to meet increasing demand, reducing the amount of new demand that is met with agricultural expansion and therefore reducing indirect effects. Fourth, certification standards must include prohibitions on direct conversion of natural ecosystems. Fifth, mechanisms protecting natural areas must be bolstered. Specifically, the societal goal of reducing GHG emissions by replacing petroleum with renewable energy sources can be met only if there is substantially increased investment in protecting high-carbon natural areas (Wise et al. 2009 ). Payments for the ecosystem service of carbon storage could be made through carbon offset mechanisms such as REDD (reduced emissions from deforestation and degradation). Payments could also be made as a part of compensatory offset mitigation associated with biofuel production (Melillo et al. 2009b ). This last step in the mitigation hierarchy has been largely ignored in the context of biofuels but could play an important role in mitigating the impacts of biofuels on biodiversity.
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